H I G H L I G H T S
• PM 2.5 -bound PAHs in 10 primary schools were assessed.
• Indoor lighter PAHs originated predominantly from indoor sources.
• 4-6 rings PAHs resulted mainly from penetration of outdoor traffic emissions.
• Lifetime lung cancer risk values exceeded the health-based guideline level of 10 − 5 .
• Carcinogenic risk due to indoor school exposure was higher than that of outdoors.
G R A P H I C A L A B S T R A C T a b s t r a c t a r t i c l e i n f o

Introduction
During the last three decades, ambient air pollution and its negative impact on human health has been the major focus of the scientific Science of the Total Environment 575 (2017) [1156] [1157] [1158] [1159] [1160] [1161] [1162] [1163] [1164] [1165] [1166] [1167] community. The knowledge of the health associated impacts on human health as a result of indoor air pollution has been limited. Indoor air exposure is a complex subject and its comprehension, and subsequently, the establishment and implementation of respective guidelines in order to assure safe indoor environments, are the key focuses of many international organisations. In that regard, the World Health Organization (WHO) has designated a list of priority health-relevant indoor air pollutants (WHO, 2010) including polycyclic aromatic hydrocarbons (PAHs).
PAHs are a class of organic compounds composed of multiple aromatic rings (Haritash and Kaushik, 2009 ) that are ubiquitously found in the environment. In air, PAHs are distributed between gas phase and particulate matter (Ma et al., 2011; Vasilakos et al., 2007) ; the majority of particulate PAHs is though bound to fine fraction (PM 2.5 ; i.e. aerodynamic diameter below 2.5 μm) (Slezakova et al., 2013a,b) . PAHs are produced by incomplete combustion and the major anthropogenic sources include traffic, coal combustion processes, emissions from power plants and waste treatment, and from biomass and wood burning (Hanedar et al., 2014; Ravindra et al., 2008; Samburova et al., 2016; Sarigiannis et al., 2015; Slezakova et al., 2013a,b) . Indoor PAHs result from activities such as smoking and cooking, from various fuels and candle burning, as well as from penetration of outdoor emissions (by ventilation systems, due to structural cracks, etc.) Kim et al., 2011; Masih et al., 2010; Qi et al., 2014; Shen et al., 2012; Wu et al., 2015) . PAHs affect organisms through various toxic actions and because of their mutagenic and potentially carcinogenic properties, the U.S. Environmental Protection Agency (USEPA) classified sixteen PAHs as priority pollutants (USEPA, 2005) . Out of these, benzo [a] pyrene has been designated as a human carcinogen (group 1) (IARC, 2010) ; when assessing cancer risk in humans it has been commonly used as a marker for the carcinogenic PAHs (WHO, 2010) . In addition, some individual PAHs are considered as persistent organic pollutants (WHO, 2013) and several PAHs are regarded as endocrine disrupting chemicals (WHO, 2013) .
In a view of health consequences, exposure to PAHs is particularly relevant for children (Annesi-Maesano et al., 2007; Bae et al., 2010; Tuntawiroon et al., 2010) who are one of the most susceptible subgroups of the population (Burtscher and Schüepp, 2012; Foos et al., 2008; Singh and Gupta, 2016) . Compared to adults, children exposures to airborne pollution are larger because of their faster inhalations, increased number of physical activities, thus allowing for larger intake of toxic compounds (Gilliland, 2009; Pohl and Abadin, 2008) . Furthermore, being exposed to genotoxic carcinogenic compounds at a young age may cause various genetic disruptions (such as mutations, sister chromatid exchanges, etc.) (Merlo et al., 2007; Neri et al., 2006; Wigle et al., 2007) resulting in an elevated risk of cancer in the adult life (Carpente and Bushkin-Bedient, 2013; Vedham et al., 2015) . Children spend much of their daily time in schools, kindergartens, which raises the scientific interest in understanding the air pollution in these types of indoor microenvironments. Because of the respective health impact, information concerning PAHs in schools has been slowly emerging but the current data is still limited. Data available for primary schools (i.e. children 6-11 years old) come from a few European studies (Alves et al., 2014; Carpente and Bushkin-Bedient, 2013; Cirillo et al., 2006; Jovanović et al., 2014; Krugly et al., 2014; Moshammer and Neuberger, 2003; Romagnoli et al., 2014) , Asia (Jyethi et al., 2014; Ruchirawat et al., 2006 Ruchirawat et al., , 2007 Tuntawiroon et al., 2007) and USA (Eiguren-Fernandez et al., 2007) . However, the majority of those were typically conducted in a limited number of schools (typically 1-2 schools; only two known studies used a greater number of schools, namely 5 and 6; Krugly et al., 2014; Romagnoli et al., 2014) , often situated just in one/same type of environment. In addition, information regarding the risk assessments due to exposure to PAHs in primary schools is scarce (Krugly et al., 2014) with slightly more evidence available for preschool children (i.e. aged between three and five years) (Oliveira et al., 2015 (Oliveira et al., , 2016 Wilson et al., 2003) .
This study investigates the concentrations of 16 USEPA priority PAHs and dibenzo[a,l]pyrene and benzo[j]fluoranthene at ten primary schools representative of different urban environments (city centre, residential, industrial). The indoor PAH profiles were characterized and the influence of PAHs in ambient air on their presence indoors was evaluated. Analysis of diagnostic ratios was conducted to identify potential sources of PAHs. Moreover, toxicity equivalency factors (TEF) and USEPA risk approach method (USEPA, 2016) were used for the chronic carcinogenic risk assessment of the subpopulations of students (8-10 years) and of school personnel.
Material and methods
Schools characterization
Eighteen particulate-bound priority PAHs (naphthalene, acenaphthylene, acenaphthene fluorene, phenanthrene, anthracene, fluoranthene, pyrene, benz [a] [a,l] pyrene, and benzo[j]fluoranthene) were sampled during ten consecutive weeks (January-April 2014) that corresponded to period of the 2nd trimester at ten primary public schools (S1-S10) in Oporto Metropolitan Area (north of Portugal; 2nd largest metropolitan area in the country). Emissions from vehicular traffic, a power plant, an incineration unit, and an oil refinery with a petrochemical complex situated near the international shipping port are the major pollution sources of the respective areas (Pereira et al., 2007; Slezakova et al., 2013a,b) . The schools ( Fig. 1) were selected in order to evaluate different urban environments (city centre, residential, industrial). Detailed information concerning the characterized schools, namely age and size of buildings (year of construction, size, etc.), their usage, atypical or visible occurrences and construction problems, potential indoor sources (including types of heating systems), and the descriptions of each school outdoor area (including potential emission sources) are summarized in Table 1 . No calculations of ventilation rates were possible due to the limited information obtained. S2 was extensively ventilated at the beginning of the day, whereas other classrooms were ventilated when necessary. Schools (S2-S4, S6, S8 and S10) ventilated their classrooms for a few minutes during recesses/breaks, whereas other schools (S4, S8 and S10) ventilated their classrooms during class times.
Sampling
At each school particulate samples were collected continuously (for periods of 24 h) during three consecutive week days (Tuesday-Thursday), avoiding Mondays and Fridays (children daily schedules were often irregular). The sample collection was conducted in classrooms where children spent the majority of time. Two rooms (8-10 years old children) per each school were simultaneously investigated, resulting in a total of 20 classrooms. In total 85 samples were obtained. Classroom characteristics (room area, height), used materials (windows, furniture, and etc.), information about cleaning and maintenance were collected, as well as the details regarding any equipment (such as printers, copy machines, type of blackboards, vegetation), or use of environmental modifiers (namely insecticides or air fresheners). The main characteristics of studied rooms are shown in Table 1 .
The indoor PM 2.5 were sampled according to USEPA IP-10A method (USEPA, 1990) Samples were collected daily using a personal environmental monitor (PEM™; SKC Ltd., Dorset, UK), i.e. single stage impactor (PM 2.5 ) that was combined with personal air sampling pump (AirChek® 2000; SKC Ltd., Dorset, UK); an air flow rate of 2.0 L min −1 was used.
The pumps were daily calibrated according to the manufacturer's instructions with the flow being verified at the end of sampling. Without compromising the usual use of the rooms, the impactors' inlets were positioned at least 1.0 m above the floor and at least 1 m from any obstacle (including walls), away from room entrances or windows. Safety measures were taken in order to maintain adequate environments for the respective students. Simultaneously with indoor monitoring, particulate-bound PAHs were collected outdoors (i.e. in ambient air) except at S1, S3 and S4 because of the school outdoor dispositions and/or safety reasons. Outdoor PM 2.5 -bound PAHs were daily sampled in school yards with apparatuses situated in open zones (away from trees and vegetation, fences and any other obstacles that could hinder the sample collection). Sampling apparatuses consisted of constant low-flow (2.3 m 3 h −1 ) pumps (model Bravo H2; TCR TECORA, Paris, France) with PM 2.5 sampling head (in accordance with norm EN14907). Polytetrafluoroethylene membrane disks (2 μm porosity, Ø37 and 47 mm for indoor and outdoor air, respectively; SKC Ltd., Dorset, UK) were used for the collection of PM samples. PM 2.5 were determined gravimetrically as previously described (Slezakova et al., 2011a (Slezakova et al., , 2014 . After the gravimetric mass determinations, filters were placed in polyethylene containers and stored (at −20°C) for the chemical analysis.
Relative humidity and temperature were recorded with an IAQ-CALC monitor (model 7545, TSI Inc., Shoreview, MN) with logging intervals of 5 min.
During the whole sampling period, information regarding type, duration and frequency of ventilation, number of occupants in the respective classrooms, and existence of any potential source or relevant indoor activities was registered every day. In addition, teachers and school personnel were questioned on a daily basis in order to obtain further information about unusual activities and/or occurrences.
PAHs quantification
The PAHs extraction and quantification for particulate samples were accomplished using previously validated method (Castro et al., 2009 (Castro et al., , 2011 . Briefly, microwave-assisted extraction (MAE) and liquid chromatography with photodiode array (PAD) (for acenaphthylene) and fluorescence detection (for all the other compounds) were applied. Recoveries varied from 81.4 ± 8.8% to 112.0 ± 1.1%, for all PAHs except for naphthalene (62.3 ± 18.0%) and anthracene (67.3 ± 5.7%). Limits of detection (LODs) corresponding to outdoor sampling ranged from 1 pg 
Risk assessment
Toxicity equivalency factors (TEF) according to Nisbet and LaGoy (Boström et al., 2002) were used for the calculations of TEF adjusted concentrations. Subsequently, the lifetime lung cancer risk was calculated according to WHO methodology (WHO, 1987 , 2000 .
The PAHs carcinogenic risk (TR) was estimated based on the procedure indicated by USEPA (2016). TR was assessed as the incremental probability of a subject to develop cancer, over a lifetime, as a consequence of exposure to that potential carcinogen (USEPA, 1989) . The methodology for the risk assessment (including the respective equations) are described in detailed in Slezakova et al. (2014) . Type of conducted activities by children were registered at each school (Table 1S of the Supplementary material). Table 2S presents an example of TR calculation; default parameters for the TR calculations are presented in Tables 3S and 4S. For comparison, target carcinogenic risk was also estimated for school personnel considering the adults with the same daily schedules as the children; 15 years of exposure duration (i.e. employment) was used. 2.7 ± 0.2 2.6 ± 0.3 2.0 ± 0.3 2.1 ± 0.2 2.9 ± 0.4 2.95 ± 0.9 3.2 ± 0.6 2.0 ± 0.1 2. ) in outdoor air were observed at school S2, possibly reflecting seasonal influences (Finardi et al., 2015) and/or local source of vehicle emissions (i.e. parking lot situated nearby). The lowest median concentrations measured were at S9 (8.7 ± 3.6 μg m −3
) and S10 5.3 ± 2.3 μg m −3 ) and were situated in a residential and suburban areas, respectively.
The concentrations of indoor PM 2.5 -PAHs in the ten studied primary schools are summarized in Table 2 , which reports the indoor average levels (as well as the ranges). Total levels of ΣPAHs indoors ranged from 1.7-60 ng m −3 whereas the school mean concentrations ranged from 2.8 to 54 ng m
. Among all the schools, the highest Σ PAHs were observed at S2 (Table 2) being approximately 3-7 times higher than in S1-S8; these levels were 10 and 19 times higher than at S10 and S9, respectively. There were no specific indoor emission sources or activities of occupants that could justify the levels of PAHs at this school; Table 2 Indoor levels of PM 2.5 -bound PAHs at ten studied schools S1-S10 (ng m however, S2 was the only school that used heating systems during the sampling. In addition, S2 was the only school equipped with metal framed windows (single glazed; Table 1 ). It must be though highlighted that the highest levels of PAHs in ambient air were also observed at S2 (Table 3) , at the same time S2 was the only school with classrooms being intensively ventilated at the beginning of the day (directly before classes started; Table 1 ). Therefore, the higher indoor levels might result from the combination of various factors, namely from occupants' indoor activities, characteristics of the buildings/classrooms, and from infiltration of outdoor particles to indoor air (by ventilations, due to inferior building isolation, etc.) as was similarly previously reported Moreno et al., 2014; Rivas et al., 2014 Rivas et al., , 2015 . On the contrary, the minimum indoor levels of PAHs were observed at S9 which was situated in a residential area. Overall, the data on PAHs in educational environments is rather scarce. In addition, the available studies were conducted with different approaches, variation of the considered PAH congeners, and often PAHs analysed in different PM fractions (mainly in coarse fraction, or even unspecified); all of these further complicate the comparisons between the reported findings. As for data available for PM 2.5 -bound PAHs, Eiguren-Fernandez et al. (2007) ) in indoor air of schools (sampled during winter season). The compositional profiles between the ten characterized schools in this study were relatively similar. In majority of the schools (S1-S6, S8) acenaphthylene was the most (or the second most abundant at S7 and S9) indoor particulate-bound PAH. On average this compound accounted for 40% of total particulate content (Σ PAHs ), at each school its contribution ranged between 29% (at S2) up to 68% (S4) of Σ PAHs . The second most abundant compound was dibenz [a,h] anthracene which was in agreement with the previous studies in the respective area (Castro et al., 2011; Oliveira et al., 2015) . This PAH approximately accounted for 13% Σ PAHs (range 5-25% of Σ PAHs at S4 and S7, respectively) and its high abundance suggests emissions from vehicular traffic (light-duty gasoline; Ravindra et al., 2008) . Acenapthene and benzo[b+ j]fluoranthene were the other abundant PAHs, accounting for 12% (4-22% at S2 and S10) and 7% (2-11% at S7 and S4) of Σ PAHs ; the contributions of the remaining compounds were much lower (i.e. b 4%).
The indoor variation of particulate-bound ΣPAHs was not statistically significant (p N 0.05 applying the nonparametric Mann−Whitney U test), except for S7, where PAHs from 1 classroom exhibited significantly lower levels. This variation was attributed to different position/distance of the classrooms from the main street.
WHO recommendation for naphthalene (defined as annual guideline value of 10 μg m ) were observed at S1, being significantly higher than at other schools (p b 0.05). However, this mean (as well as other schools) was still below the recommended guideline. It is necessary to point out that naphthalene is a volatile PAH, predominantly found in gas phase (Krugly et al., 2014; Oliveira et al., 2016) . Therefore, the assessment of PAHs vapour phase in school environments should be conducted in future in order to correctly evaluate levels of this compound. (IARC, 2002 (IARC, , 2010 . The levels of these carcinogenic PAHs (i.e. Σ PAHscarc ) at the indoor air of the studied schools are Table 3 Outdoor levels of PM 2.5 -bound PAHs at studied schools (ng m also presented in Table 2 . In general, the levels in Table 2 were in similar concentration ranges to those in schools in Rome during winter (Romagnoli et al., 2014 ; mean Σ PAHscarc of 1.0-6.8 ng m ). In this study, Σ PAHscarc accounted for approximately 35% of Σ PAHs (range between 12% at S4 to 56% at S7). Among the carcinogenic PAHs, dibenz [a,h] anthracene exhibited the highest contribution at all schools accounting for approximately 36% of Σ PAHscarc (between 21% at S2 and 45% at S7). In a view of potential health implications, it is necessary to remark that at all studied schools dibenz[a,h]anthracene ranked among the abundant compounds even when all the detected PAHs were considered. Other major carcinogens were: benzo[b +j]fluoranthene, that on average accounted for 23% of Σ PAHscarc (range of 13-28% at S1 and S2, respectively), and benzo[a]pyrene (mean: 9% of Σ PAHscarc ; range: 5-15% of Σ PAHscarc at S1 and S2, respectively).
The levels of PAHs monitored in ambient air of schools are presented in Table 3 . Total levels of Σ PAHs outdoors ranged from 3.7-63 ng m ; Krugly et al., 2014) considerably different levels of particulate-bound PAHs were observed. Although there was no specific emission source that could justify the increased levels of ambient PAHs at S2, the respective sampling was conducted during a period with harsh meteorological conditions (causing atmospheric inversion), which could lead in overall elevated levels of pollutants in the atmosphere. In that regard, it is necessary to point out that levels of PAHs in air are seasonally dependent (with higher levels typically observed in winter; Finardi et al., 2015; Jedynska et al., 2014) due to a different impact of residential heating emissions (absent in summer), variation of PAHs degradation due to light and oxidants availability during summer, and/or due to the atmospheric dispersion efficiency. In agreement, Finardi et al. (2015) , with the 30% of measurements exceeding the annual limit value. Nevertheless, it is necessary to emphasize that these findings need to be implicated carefully as the sampling period did not include whole calendar year (and all seasons); Finardi et al. (2015) previously demonstrated the need of continuous monitoring of atmospheric PAH once the use of discontinuous measurements (as currently designated in EU Directive 2004/107/EC, 2005) does not guarantee a reliable evaluation of seasonal levels (Finardi et al., 2015) .
The results in Tables 2-3 also show that total PAH concentrations in outdoor vs. indoor air of each schools were not statistically different (p b 0.05) with the exception to the S6 where indoor Σ PAHs was approximately twice higher than outdoors. School S6 was the only one equipped with kitchen. Unlike the other schools, meals were directly cooked at the school premises which could result in overall higher indoor levels (in comparison to outdoors). In addition, emissions from some other indoor sources could also contribute to indoor levels of PAHs. The observed potential sources were: use of heating systems, use of cleaning agents, and use of artistic supplies for children activities (such as solvents, adhesives, paints, wax and candles, etc.). PAHs compositional profiles in ambient air were similar among the schools and showed some similarities to indoors. Once again dibenz [a,h] anthracene (mean of 23% of Σ PAHs ; 18-28% at S7 and S10), acenaphthylene (mean of 17% of Σ PAHs ; 3-32% at S8 and S6) and benzo[b + j]fluoranthene (15% of Σ PAHs ; ranging between 10% at S7 and 20% at S8) were among the most abundant compounds. Lastly, on average Σ PAHscarc comprised outdoors 54% of Σ PAHs (range 45-74% at S7 and S8, respectively).
Source analysis
Indoor-to-outdoor ratios
Analysis of PAHs indoor-to-outdoor concentration ratios (I/O) can allow deeper understanding of the potential impact of indoor and/or outdoor emissions on indoors. The calculated I/O ratios particulate PAHs at studied primary schools are shown in Fig. 2 . At all schools, light PAHs with 2 aromatic rings (namely naphthalene, acenapthene, acenaphthylene) exhibited I/O much higher than unity, thus suggesting potential contribution of indoor sources. These findings were consistent with other studies. I/ON N 1 were observed for semi-volatile PAHs in indoor air of 5 primary Lithuanian schools (Krugly et al., 2014) which could be explained by evaporation from used construction materials and occupants' activities. Emission sources observed during the sampling period included the use of heating systems (electrical convertors), utilization of artistic materials (wax melting, paints, solvents, clays, etc.) and/or the use of various cleaning agents. In addition, some children celebrated their birthdays in the classrooms (cakes with lighted candles) which might lead to elevated PAHs. These results were in agreement with previously reported emission sources (Derudi et al., 2013; Morawska et al., 2013) . Congeners with 2-3 aromatic rings (fluorene, phenanthrene, anthracene, and fluoranthene) showed a mixed trend: I/O N 1 at S2, S6, S10, and I/O b 1 at S7, S8, S9. The remaining PAHs (i.e. with 4-6 aromatic rings) exhibited I/O ratios lower than 1 at all schools (with exception to S7), indicating outdoor origin of these contaminants. Moreover, at S8 and S10, these ratios were even b0.5 suggesting that outdoor sources of 4-6 ringed PAHs were prevailing. S7 was the only school at which I/O of 5-6 ring PAHs were consistently N1. No specific source of PAHs that could justify this occurrence was identified, but this could be caused by the combined effects of position/distance of the classrooms from the main street and the low frequency of ventilation in the respective rooms.
Diagnostic concentration ratios
Analysis of diagnostic ratios of individual PAH congeners can provide further insight regarding PAHs origin. The ratios that were calculated for indoor PAHs at the ten primary schools are presented in Table 4 . Ratio between total concentration of PAHs with 2 and 3-rings (ΣPAHs LMW ) vs. the 4-to 6-ring ones (ΣPAHs HMW ) differentiates between petrogenic and pyrogenic origin with values lower than unity indicating pyrogenic origin of PAHs (Krugly et al., 2014; Zhang et al., 2008) . At S2, S5, S7, S8, and S10, the values of this diagnostic ratio were b1, hence pointing towards a pyrogenic source of PAHs. Emissions from vehicular traffic were the most probable source of PAHs at these schools. S2, S8, and S10 were located next to roads and/or streets with a busy traffic (Table 1) whereas S7 was located in residential area; at these schools possible PAH sources included vehicular emissions and fuel burning. S5 was located in the residential area with traffic streets and potential impact of an industrial site in the vicinity. In agreement with these findings, values of B[a]A/Chry were higher than 0.35 at all schools and thus indicated vehicular emissions and/or fuel combustions (Krugly et al., 2014) ; similarly the values of InP/(InP + B[ghi]P) implied contributions of traffic emissions (specifically from diesel combustions; Table 4 ; Kavouras et al., 2001; Pio et al., 2001; Rogge et al., 1993a) . It is necessary to point out that B[ghi]P is being often used as marker of diesel emissions but the levels obtained in this work were relatively low (6-8% of ΣPAHs). However, in the series of previous works that assessed ambient Indoor to outdoor (I/O) PM 2.5 -bound PAH ratios at studied schools (S1-S10). PAHs and their source identification for Oporto Metropolitan Area (Castro et al., 2009; Slezakova et al., 2010 Slezakova et al., , 2011b Slezakova et al., , 2013b , this congener has not been the predominant compound (though vehicular emissions were identified as the major emission source). The results instead demonstrated higher abundances of other traffic emission indicators, such as dibenz [a,h] anthracene and/or benzo[b + j]fluoranthene (Callén et al., 2013; Ravindra et al., 2008) , similarly to results of the this study. At S1, S3, S4, S6 and S9 the diagnostic ratios of ΣPAHs LMW to ΣPAHs HMW were N 1, suggesting petrogenic origin. These unexpected findings could be caused by emissions from oil refinery (combined with a petrochemical complex) that is located approximately 15 km west from the respective area. It also should be remarked that diagnostic ratios are merely rudimentary indicators of PAH origin (Galarneau, 2008) and need to be interpreted carefully. Numerous studies have demonstrated their limitations as their values can be altered to a different extent due to environmental degradation and phase transfers (Dvorská et al., 2011; Galarneau, 2008; Katsoyiannis et al., 2007 Katsoyiannis et al., , 2011 Tobiszewski and Namieśnik, 2012; Usenko et al., 2010) . In addition, atmospheric reactions between PAHs and other pollutants such as NO X and O 3 can have further impact on the ratios values; Ravindra et al., 2008) .
The rest of diagnostic ratios (Table 4) (Table 4 ) indicated a mixed contribution of both types of emissions at the characterized schools. Values of Flu/(Flu + Pyr) can be used to distinguish between the exhausts origin with values N0.5 pointing towards diesel emissions while ratio b 0.5 indicates gasoline type (Ravindra et al., 2008) . The values of this ratio were very low (Table 4) , therefore potentially indicating influence of gasoline emissions at schools (Li and Kamens, 1993) . Lastly, at all ten schools, Phe/(Phe + Ant) N 0.7 indicated emissions from lubricant oils and/or fossil fuels (Mirante et al., 2013) . Based on the applied ratios analysis, it is possible to assume that vehicular traffic was a significant emission source for PAHs present in indoor air, with a mixed contribution from both diesel and gasoline fueled cars. In that regard it is necessary to emphasize the findings of a recent study by Finardi et al. (2015) which highlighted rather old technical literature concerning PAH emission signatures that lacks investigations on molecular signatures of new generation vehicles, biomass burning technologies, boilers and waste treatment plants, so that the available reference values of currently used diagnostic ratios sometimes seem unusable to assign unequivocally PAHs to specific sources.
Finally, seasonal variations of atmospheric PAHs have been previously demonstrated. Using different diagnostic ratios of PAHs, Jedynska et al. (2014) identified traffic emissions (diesel and gasoline fueled vehicles) as the main source of PAHs, and wood burning as the second important contribution causing a higher impact at regional background stations. Finardi et al. (2015) analysed several diagnostic ratios and rates of their seasonal variability, allowing identification of different sources with a prevalent impact of residential combustion during winter and of traffic emissions in summer. However, the analysis of diagnostic ratios applied to indoor levels of PAHs during winter and spring season (Table 5S) did not reveal a prevailing contribution of different emission sources for the two seasons. Nevertheless, in a view of the risk assessment, this study was designed to monitor PAHs during one complete trimester of a school year, which resulted only in 1/3 of the data collected for the spring season. Thus, further evaluation focusing longer sampling of PAHs (both in ambient air and indoor area) would be required in order to characterize in depth seasonal variation of ambient and indoor PAHs in Oporto metropolitan Area.
Risk analysis
The TEF-adjusted levels for 18 PAHs (indoors and outdoors) of studied schools are shown in Tables 6S and 7S, respectively . Dibenz [a,h] anthracene exhibited the second highest levels (approximately between 5 and 25% to Σ PAHs in indoor air), and was the most important PAH of Σ TEF-PAHs , most likely due its high value of TEF. On average dibenz [a,h] anthracene contributed 93% of both indoor (range 84-95%) and outdoor (92-94%) Σ TEF-PAHs at the selected schools. Benzo [a] pyrene (that is among 18 studied PAHs the only ascertained carcinogen to human health) was the second most predominant PAH of Σ TEF-PAHs accounting for 3-11% at indoor and 4-6% at outdoor air.
Lung cancer risk due to total school exposure (i.e. sum of both indoors and outdoors) was calculated according to WHO (benzo[a] (Boström et al., 2002) , being about 7-87 times higher than the recommended guideline. The respective values of risk though might be even higher as they were estimated considering 6 h of indoor exposure time (as spent in classrooms). Nevertheless, in the remaining school time (additional 1-1.5 h) children move between other school indoor microenvironments (libraries, gymnasiums, canteens, schools public halls) and the exposures in these places could add to overall indoor exposure to PAHs (and consequently increase the respective risk). Therefore, future assessment of PAH levels and risk in these school microenvironments would be of a great importance. The target carcinogenic risk calculated for students of primary schools (8-10 years old) and school personnel were assessed using USEPA methodology and the means are presented in Table 8S . USEPA recommends a 10 −6 threshold (USEPA, 1989), nonetheless the accumulative carcinogenic risks should not be higher than the more restrictive level of 10 −4
. Target risk due to indoor exposure (ΣTR Indoor ) exceeded the recommended guideline at all schools with exception to S4 and S9 (due to much lower levels of the respective PAH indoors; Table 2 ), whereas risk due to outdoor exposure (ΣTR Outdoor ) was below 10
and thus negligible at all schools. Specifically, ΣTR Indoor were 2-10 times higher than ΣTR Outdoor probably due to prolonged periods that children spent indoors (6 h indoors in classrooms versus 1-1.25 h outdoors). Overall, ΣTR Indoor contributed 70-90% of total school risk (ΣTR School , i.e. sum of both indoors and outdoors). Considering these high contributions of indoor risk, future studies should be conducted allowing a deeper understanding of child exposure and the health consequences in schools in order to develop and implement the respective guidelines which are essential for these environments.
The carcinogenic risk due to total (indoor and outdoor) school exposure was also calculated. Results in Fig. 3a show that with exceptions to S4 (absence of outdoor PAH assessment) and S9 (significantly lower, i.e. the lowest, indoor PAHs; Table 2), carcinogenic risk exceeded (up to 22 times) the recommended guideline at all schools. For adults, carcinogenic risk due to total exposure exceeded (2-166 times) the recommended level of 10 −6 at all schools (Fig. 3b) , at S2 being even higher than the more stringent guideline of 10 − 4 . For adult populations of school personnel, the risk of overall school exposure (ΣTR School ) were about 8 times greater than children, probably due to the longer exposure duration (15 versus 2 years). In order to decrease the overall risk of adverse health outcomes, improved management of (indoor) air pollution is necessary. Regarding PAHs, this implies reducing personal exposure to various indoor combustion sources (heaters, candles, essences and stick burning, open fire cooking) but also reduced exposure in indoor microenvironments near sources such as traffic, use of protective equipment (for polluted occupational settings), and various interventions to modify individual susceptibility. It is understandable that contribution of indoor pollutants and of those generated outdoors to personal exposures depends on multiple factors (such as building characteristics, presence of indoor emission sources and personal activities, type of pollutants, and etc.). These parameters need to be taken into the account (on individual levels) when assessing, and reducing, the personal exposure to these harmful pollutants (Laumbach et al., 2015) .
Conclusions
This work provides information concerning PM 2.5 -bound PAHs levels and risk in primary schools environments as there is few data in literature on this topic. Urban school situated in the most polluted site (S2) exhibited the highest levels of indoor PAHs, whereas the lowest indoor concentrations were found for a school situated in residential area (S9). I/O ratios of congeners with 2-3 aromatic rings demonstrated the influence of indoor emission sources whereas the occurrence of higher molecular weight PAH congeners (4-6 aromatic rings) was mainly caused by infiltration of ambient emissions indoors. Consequently, diagnostic ratios demonstrated emissions from vehicular fuel combustions (both of diesel and gasoline origin) as the main source of indoor particulate-bound PAHs.
Total carcinogenic risk due to indoor school exposure was 2-10 times higher than for outdoors, mainly due to the extended durations of time that primary students are indoors. The risk assessment revealed that cancer risk of 8-10 years old school children and adults exceeded (up to 22 times, and 2-166 times for children and schools staff, respectively) the recommended USEPA guideline; WHO health-based level of 10 −5 was exceeded 7-87 times, which may potentially cause negative health outcomes of the exposed populations. It is necessary to point out that the risk assessment was conducted using PAH levels averaged over the period of one school trimester (i.e. 10 weeks); however, PAH levels in air are season-dependent with winter concentrations being typically higher than the summer ones (Finardi et al., 2015) which reflect on the estimated risk values and over findings of this study. Finally, the sampling approach (i.e. duration, period, choice of sampling method and technology) could cause some additional bias (Lewis et al., 2016) . Thus future study combining the traditional and novel measures for personal exposures (Koehler and Peters, 2015) may provide alternate strategies for exposure assessment and yield stronger, more precise findings on associations with adverse health outcomes.
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